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Abstract. 
  
The reintroduction of species into natural preserves and the suppression of top-down 

stressors are commonly used restoration strategies to prevent the extinction of critically 

endangered species. These strategies create new populations that are dominated by a 

single stage class (e.g., large plants used for outplanting), which can cause the population 

dynamics to fluctuate in the near-term before it reaches a stable equilibrium. Gaining an 

understanding of how the dynamics of reintroduced population will fluctuate in the near-

term transient phase is critical for developing effective restoration strategies. In this five-

year study, we assessed the near-term transient (i.e., 10 year projections) and asymptotic 

long-term population dynamics of a multi-years reintroduction effort of a critically 

endangered long-lived shrub, Delissea waianaeensis. We found that the near-term 

transient and the asymptotic long-term growth rates differed.  When the probability of 

high recruitment years was 17%, mimicking the observed field conditions, the population 

was projected to grow in the near-term but decline in the long-term.  The survival of 

mature plants was the most important vital rate for the long-term growth of the 

population, whereas seedling recruitment was be most important to the near-term 

dynamics under some recruitment conditions (i.e., high recruitment years ≥ 50%).  This 

research illustrates that when plant reintroductions are established with large vegetative 

and reproductively mature plants, the population will grow faster in the transient phase 

than in the long-term (i.e., transient amplification) as the stage structure approaches 

equilibrium. We suggest that management of additional threats that influence recruitment 

should be considered for this reintroduction.  Our results are relevant to other long-lived 
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species reintroductions, and suggest short-term signs of recovery should be interpreted 

with caution when evaluating the likely outcome of population reintroduction efforts. 

 

Keywords: population reintroduction, Delissea waianaeensis, stage-structured matrix 

model, transient analysis, transient elasticity, and stochastic population dynamics. 

 

Introduction  

Population reintroduction and the suppression of exotic competitors and predators 

are commonly used strategies to prevent the extinction of rare species (Maschinski and 

Haskins 2012, Soorae 2013). The end goals of this management strategy are to establish 

new populations that will persist in the long-term and promote species recovery (Falk et 

al. 1996, Pavlik 1996). With an increase in rare and at-risk species (IUCN 2013) and 

continued anthropogenic change in environmental conditions, population reintroduction 

has become an integral component of many recovery efforts (Maunder 1992). While 

many studies have evaluated the initial success of rare species reintroductions by 

quantifying various measures of fitness, such as the survival of reintroduced individuals 

and rates of natural regeneration (Menges 2008, Godefroid et al. 2011), few studies have 

investigated how likely and under what conditions reintroduced populations of rare 

species will persist over time (but see, Bell et al. 2003, Liu et al. 2004, Maschinski and 

Duquesnel 2007, Colas et al. 2008, Bell 2013). The limited number of studies that have 

examined the dynamics of rare species reintroductions is due, in part, to the lack of 

comprehensive long-term demographic data that quantifies vital rates of reintroduced and 

naturally recruited individuals in these new populations. Demographic studies that have 
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evaluated the likely outcome or rare species reintroduction efforts have primarily used the 

long-term asymptotic dynamics as a response metric and yielded mixed results (Bell et al. 

2003, Maschinski and Duquesnel 2007, Colas et al. 2008). For some species, 

reintroduced populations were projected to persist in the long-term (Bell et al. 2003, 

Maschinski and Duquesnel 2007). In other scenarios, the long-term asymptotic growth 

rates were <1, indicating the populations would decline over time (Bell et al. 2003, Colas 

et al. 2008).  

 To establish reintroduced populations it is a common practice to use large 

immature individuals (Bell et al. 2003, Maschinski and Duquesnel 2007), a mix of seeds 

and small immature plants (Bell et al. 2003), and seeds (Colas et al. 2008). However, 

given reintroduced populations are often started with a cohort of a single life stage (e.g., 

only seeds or only reproductively mature individuals) and such new populations are 

likely far from their stable equilibrium, it is expected that the near-term transient and 

long-term population dynamics will diverge (Fox and Gurevitch 2000, Koons et al. 2005, 

Haridas and Tuljapurkar 2007). In the near-term transient phase, the population growth 

rate depends on temporal shifts in plant vital rates and the resulting change in population 

structure (Haridas and Tuljapurkar 2007). In extreme cases, year-to-year fluctuations in 

vital rates and the resulting population structure can cause extinction prior to the 

population reaching equilibrium (Fox and Gurevitch 2000). Therefore, understanding the 

transient and long-term dynamics of reintroduced populations can aid decision making 

about management actions that need to be taken to ensure both short and long-term 

success of reintroduction efforts. There is a growing body of literature that has examined 

the transient dynamics of natural populations following the removal of environmental 
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stressors that altered the stage structure of the populations, including herbivory pressure 

(Maron et al. 2010), harvesting (Gaoue 2016), biological invasion (McMahon and 

Metcalf 2008, Ezard et al. 2010), and habitat disturbance (Ezard et al. 2010, Bialic‐

Murphy et al. 2017). However, the near term transient phase of newly established 

populations is rarely examined (but see, Ezard et al. 2010, Wong and Ticktin 2015). 

The Hawaiian Islands are a biodiversity hotspot, with an estimate of over 89% of 

the flowering plant species being endemic (Wagner et al. 1999). In Hawaii, over 40% of 

endemic species are listed as critically endangered or threatened (USFWS 2012), 99% of 

which are threatened by multiple anthropogenic stressors (Wilcove et al. 1998) including 

habitat conversion and rapid invasion of non-native competitors, predators, and 

pathogens (Cuddihy and Stone 1990, Wilcove and Chen 1998). Though non-native 

species are the primary drivers of species endangerment globally, their effects are thought 

to be more severe for island species. The greater effect of non-native species on islands is 

due in part to the absence of mammalian predators (and other herbivore and predator 

functional groups). Given many herbivores and predators were historically absent 

throughout there range, island plants often have low mechanistic and physiologic 

tolerance to these consumers (Gillespie & Clague 2009; Whittaker & Fernández-Palacios 

2007).  

Across oceanic islands, such as Hawaii, rare species reintroduction and 

suppression of top-down stressors has become a critical component of restoration efforts 

(Maschinski and Haskins 2012). Some stressors can be removed with little long-term 

management follow-up.  For example, an initial investment in a fence to exclude non-

native ungulates can provide long-term removal of this top-down stressor with little 
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ongoing maintenance costs.  However, a reduction in the abundance of other biotic 

stressors, such as invasive competitors, invertebrate predators (e.g., slugs), and small 

vertebrate predators (e.g., rodents) requires long-term and ongoing maintenance (e.g., 

annual removal of invasive competitors, frequent trapping of rodents) (Maschinski and 

Haskins 2012).  A pressing question for conservation is whether the removal of the most 

ubiquitous environmental stressors (e.g., non-native ungulates) and the reintroduction of 

endangered species are enough to create viable populations, or if other, more difficult to 

manage, stressors also need to be mitigated. 

In this study, we assessed the population dynamics of a multi-year population 

reintroduction effort of a Hawai‘i endemic shrub, Delissea waianaeensis Lammers 

(Campanulaceae). This reintroduced population has been actively managed for over two 

decades, including the suppression of feral pigs (Sus scrofa) and non-native ecosystem 

altering vegetation. At the start of the study, in 2010, the reintroduced population was 

composed of outplanted mature individuals and first filial plants in all life stages. The 

objectives of this study were to: (1) quantify how the dynamics of the D. waianaeensis 

reintroduction will change over time as the stage structure approaches a stable 

equilibrium, (2) identify what part of the life cycle, if improved by management, would 

have the greatest positive impact on the transient and asymptotic population dynamics, 

and (3) investigate the influence of temporal variability in seedling recruitment on the 

transient and asymptotic dynamics.  

 

Methods 

Study species  
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Delissea waianaeensis (Campanulaceae) is a critically endangered tree endemic 

to the island of O’ahu. The Campanulaceae group is the largest Hawaiian angiosperm 

family (Givnish et al. 2009) and is also one of the most threatened Hawaiian groups, with 

over 25% of the endemic Hawaiian species extinct (USFWS 2012). Delissea 

waianaeensis has a single or branched erect stem and is 1–3 meters tall at first 

reproduction (Wagner et al. 1999). It produces fleshy purple, red, white, and pink berries, 

which is indicative of frugivorous bird dispersal (Lammers 2005). The floral sugar 

composition suggest D. waianaeensis was historically pollinated by native birds in the 

honeycreeper (Drepanidinae) and Hawaiian Mohoideae (Mohoidae) groups (Lammers 

and Freeman 1986, Pender 2013). Following massive extinction of native birds in the 

Drepanidinae and Mohoidae groups, it is likely that D. waianaeensis is dispersal and 

pollen limited (Lammers and Freeman 1986, Pender 2013). Delissea waianaeensis is 

found between 245–760 m elevation, along the north facing slopes and gulch bottoms of 

the Waianae Mountain Range (Wagner et al. 1999). In 1996, D. waianaeensis was listed 

as federally endangered (USFWS 1998) and by 2005 it was restricted to seven 

geographically isolated locations (USFWS 2012).  

 

Study site and reintroduction details 

The study site is in the Central Kaluaa gulch of the Honouliuli Forest Reserve, 

which is located in the northern Wai‘anae Mountains, on the island of O‘ahu (HON; 21° 

28’ N, -158°6’ W). The mean monthly rainfall is 52–171 mm (Giambelluca et al. 2013). 

The site represents a tropical mesic forest, composed of mixed native and non-native 

flora and fauna (OANRP 2011).  Selection of the reintroduction site was based on 
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similarities of associated species and relatively accessible location in the historic 

geographical distribution of naturally occurring D. waianaeensis (Dan Sailer, personnal 

communication).  In 2001, The Nature Conservancy constructed the Central Kaluaa 

fence, eradicated feral pigs, and implemented invasive vegetation control for the 

protection of D. waianaeensis and other managed taxa.  

In 2002, The Nature Conservancy initiated reintroduction of D. waianaeensis into 

the Central Kaluaa Gulch, starting with the clearing of invasive species across the 

reintroduction location and the outplanting of 43 mature plants. The founders used for the 

Kaluaa D. waianaeensis reintroduction were from a relictual geographically isolated 

population of five individuals, located 4,000 m from the outplanting site. Stock from the 

other six geographically isolated populations was not used for the Kaluaa reintroduction 

to avoid potential outbreeding depression and the loss of local adaptations (Kawelo et al. 

2012). Prior to outplanting, seeds from the five Kaluaa founders were grown in a 

greenhouse for one growing season. In 2004, the management of the Kaluaa D. 

waianaeensis reintroduction was transferred to the O‘ahu Army Natural Resources 

Program (OANRP) and incorporated into a larger conservation plan to offset the potential 

impact of military training operations on 89 rare species. OANRP outplanted an 

additional 303 plants from 2004–2012. The 2012 outplanting included genetic 

representation from two additional individuals that were discovered in close proximity to 

the five original founders used for the Kaluaa reintroduction. The mean plant height at 

the time of outplanting was 56 cm.  

 

Data collection   
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From 2010–2015, we collected annual demographic data for a total of 597 

permanently tagged plants at the field site. The life cycle of D. waianaeensis was 

categorized into four life stages: reproductively mature (>35 cm and reproductive), large 

immature (> 35 cm and vegetative), small immature (2 cm – 35 cm), and seedling (< 2 

cm). The population stage structure at the start of the study included 74 reproductively 

mature plants, 131 small and large immature plants, and 217 seedlings. Each year of the 

study a minimum of 50 plants in the reproductively mature, large immature, and small 

immature life stages were permanently tagged and vital rate data were collected. All 

individual seedlings in the population were permanently tagged and vital rate data were 

collected annually from January to February. For each tagged plant the survival, height to 

the apical meristem, and fertility (i.e. fruit production) were recorded. 

 

Projection matrix construction  

We used the demographic data to construct a Lefkovitch matrix 𝐀 (Caswell 2001) 

for each transition year 2010–2011, 2011–2012, 2012–2013, 2013–2014, and 2014–2015. 

The 4 x 4 matrix 𝐀 can be decomposed into two matrices: a survival-growth matrix 𝐔 and 

fertility matrix  𝐅. Matrix 𝐀 captured the yearly transition probability of survival 𝜎, the 

probability of growing to the next stage class 𝛾, and seedling recruitment 𝜑! in the 

following discrete life stages: reproductively mature (m), large immature (li), small 

immature (si), and seedling (s). The term 𝜑! represents the mean number of seedling 

produced per mature plant. For the 𝜑! term, we were able to calculate an additional 

transition year 2009–2010.  

Appendix ES-6



 10 

𝐀 =

𝜎!(1− 𝛾!) 0 0 𝜑!
𝜎!𝛾! 𝜎!"(1− 𝛾!") 0 0
0 𝜎!"𝛾!" 𝜎!"(1− 𝛾!") 0
0 0 𝜎!"𝛾!" 𝜎!

 

The dominant eigenvalue of matrix 𝐀 represents the long-term population growth rate 𝜆, 

with an associated stable stage distribution w and reproductive value v (Caswell 2001). 

 

Temporal variability of seedling recruitment 𝜑!  

To model the effect of temporal variability of recruitment as a stochastic process, 

we first created an array for seedling recruitment that consisted of 𝜑! values for 

transition years 2009–2010, 2010–2011, 2011–2012, 2012–2013, 2013–2014, and 2014–

2015, which are referred to hereafter as years 1–6. We then classified seedling 

recruitment 𝜑!!!! in years 1–6 as either high (h) and low (l). Seedling recruitment 𝜑!! 

in year 1 was 3.09 seedlings per mature individual and seedling recruitment 𝜑!!!! in 

years 2–6 ranged from 0.569 to 0.021 seedlings per mature individual. We classified 

seedling recruitment 𝜑!! in year 1 as high and seedling recruitment 𝜑!!!! in years 2–6 

as low. To evaluate the influence of temporal variability in seedling recruitment 𝜑! on 

population dynamics we created an array of 𝐅 matrices for a total of six scenarios F1–F6, 

which are described below, by modifying the probability of high and low recruitment 

being selected following a temporally stochastic process. Independent of the fertility 

matrices  𝐅, we used our survival-growth data 2010–2011, 2011–2012, 2012–2013, 2013–

2014, and 2014–2015 to create an array of 𝐔 matrices.  

 

Stochastic population dynamics 
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To project the near-term transient and long-term asymptotic dynamics, we used a 

stochastic stage-structured model (Caswell 2001): 

    𝑛 𝑡 + 1 =   𝐗 𝑡 𝑛(𝑡)                                         (1)    

where 𝐗(𝑡) is equal to the sum of selected 𝐔 and 𝐅 matrices, one from a pool of five 𝐔 

matrices (2010–2011, 2011–2012, 2012–2013, 2013–2014, and 2014–2015) and the other 

from a pool of six 𝐅 matrices (2009–2010, 2010–2011, 2011–2012, 2012–2013, 2013–

2014, and 2014–2015) at a given time t. The vector 𝑛(𝑡) is the number of individuals in 

each stage class at a given time 𝑡, and 𝑛 𝑡 + 1  is the total number of individuals at time 

𝑡 + 1. We used this framework to project population dynamics for six scenarios F1– F6, 

differing in temporal variability of recruitment. For scenario F1 the probability of a high 

seedling recruitment years ℎ  being selected each time step 𝑡 was 16.66%. Scenario F1 

mimicked the probability of high seedling recruitment years based on observed field 

conditions (i.e., 1 in 6 years). For scenarios F2– F6, we increased the probability that a 

high seedling recruitment year (ℎ) was selected each time step  𝑡 in order to simulate an 

increase in high recruitment by one year for each consecutive scenario. Scenarios F2– F6 

ranged from a 33% to a 100% probability of a high seedling recruitment year (ℎ)  being 

selected each time step 𝑡 (i.e., 2 in 6 years). For all scenarios F1– F6, matrix 𝐔 was 

selected with equal probability at each time step 𝑡 from the pool of U matrices. 

For scenarios F1– F6, we calculated the stochastic long-term growth rate λs by 

simulation, using 50,000 iterations following Tuljapurkar et al (2003):  

   logλ! =    lim!→!
!
!
log  [N(𝑡)/N(0)],    (2) 

where N(𝑡) is the population size at time 𝑡, which is the sum of n(t) at a given time 𝑡. For 

each scenario, 95% bootstrap confidence intervals were calculated following methods 
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outlined in Morris and Doak (2002). In addition to projecting the asymptotic stochastic 

population growth rate for scenarios F1– F6, we conducted stochastic elasticity analysis 

to identify the relative importance of perturbations in vital rates on the stochastic 

population growth rate λs with respect to perturbation of the mean and variance 

𝐸!  (Tuljapurkar et al. 2003, Haridas and Gerber 2010). 

This reintroduced population of D. waianaeensis was initiated with all large-sized 

individuals, and thus the population structure was initially far from its stable stage 

distribution. To project the stochastic transient population growth rate 𝑟!  for scenarios 

F1–F6, we simulated 10,000 independent sample paths of t = 10 years. For each scenario 

F1–F6, we altered the probability of a high  (ℎ) seedling recruitment year using the 

method described above. To mimic a plant reintroduction that is established using only 

reproductively mature individuals, we set the initial stage structure n(0) to 100% 

reproductively mature individuals and 0 for the other life stages. Using a cohort of later 

life stages (e.g. reproductively mature individuals) is particularly relevant from an 

applied management perspective because reintroduced population are often established 

with later life stages since these individuals have the highest rate of initial establishment 

(Maschinski and Haskins 2012). To identify the relative importance of life stages on the 

stochastic transient population growth rate for scenarios F1–F6 we conducted stochastic 

transient elasticity analysis 𝑒!, which is composed of the instantaneous influence of a one 

time step change in vital rates 𝑒!"!  and the long-term influence of perturbations in the 

stage structure 𝑒!"!  (Haridas and Tuljapurkar 2007, Haridas and Gerber 2010).

 

Results   
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The long-term stochastic population growth rate λs for scenario F1, which 

represents the field recruitment rate (16.66% probability of high recruitment years), was 

0.967 (95% CI of 0.963 to 0.972), indicating that the population will decline by 3.3% per 

year (Figure 1b). A two-fold increase in the probability of high recruitment years from 

17% to 33% (scenario F2) resulted in a stable population growth rate (λs =0.996 [0.995, 

1.00]). A three-fold increase in the probability of high recruitment years from 17% 

(scenario F1) to 50% (scenario F3) shifted the long-term stochastic population dynamics 

from a 3.3% decline to a 2% increase in the population size per year ([λs =1.020, [1.015, 

1.026]; Figure 1b). Similarly, the long-term stochastic population growth rates λs were > 

1 for scenarios F4–F6 (Figure 1b). Conversely, the reintroduced population of D. 

waianaeensis was projected to grow moderately in the near-term transient phase for all 

scenarios (Figure 1a). 

The survival of mature plants (stasis) was projected to have the greatest impact on 

the long-term stochastic population growth rate for all scenarios F1–F6 (Figure 2b). 

Increasing high recruitment years positively influenced the relative importance of the 

transition from seedling to small immature for the long-term population growth rate. 

However, this did not change the ranking of which life stage transition had the greatest 

effect on the population growth rate (Figure 2b). Similar to our results for the long-term 

stochastic elasticity analysis, survival of mature plants (stasis) had the greatest impact on 

the near-term population growth rate for scenarios F1–F2 (Figure 2a). Interestingly, 

when the probability of high seedling recruitment years was ≥ 50% (i.e., scenarios F3–

F6) seedling recruitment had a greater influence than mature plant survival on the near-

term dynamics (Figure 2b).   
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Discussion  

Few studies have used a demographic modeling approach to assess the likely 

outcome of rare species reintroductions (but see, Bell et al. 2003, Maschinski and 

Duquesnel 2007, Colas et al. 2008), and all of these have focused on the long-term 

asymptotic dynamics. However, to fully understand the likely outcome of rare species 

reintroductions it is critical to assess how these populations will fluctuate in the near-term 

transient phase prior to reaching a stable equilibrium. Previous studies that have 

examined the transient dynamics of newly established population have yielded mixed 

results. Plant populations of a culturally important non-timber forest product, Alyxia 

stellata, which was restored by augmentation of immature individuals, were projected to 

decline faster in the transient phase than over time (Wong and Ticktin 2015). Similarly, 

newly established populations of invasive species following seed dispersal were found to 

grow slower early in the invasion process than over time as later life stages filled in and 

the stages structure approaches equilibrium (Ezard et al. 2010). Conversely, following the 

exclusion of herbivores, which negatively affected fertility and earlier life stages, plant 

populations were projected to grow faster in the near term than in the long-term (Bialic‐

Murphy et al. 2017). In this study, we used five years of demographic data to compare 

the short and long-term dynamics of a multi-year reintroduction effort of a critically 

endangered long-lived shrub, Delissea waianaeensis. 

For D. waianaeensis, we found that the population was projected to grow 

moderately over the next 10 years (Figure 1a). Conversely, the population was projected 

to slowly decline in the long-term (Figure 1b). This more optimistic short-term projection 
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of plant dynamics is explained by the newly established population, which was 

dominated by large outplanted individuals. The higher growth rate in the transient phase 

than in the asymptotic phase can be explained by the high initial reproductive value of the 

population, which can cause population amplification prior to reaching a stable stage 

equilibrium (Stott et al. 2011). Since large individuals are more likely to survive and 

successfully establish a new population, conservation biologists typically use these 

individuals for reintroduction projects (Maschinski and Haskins 2012). For these 

reintroductions, our results suggest that short-term estimates of success should be 

interpreted with caution since transient dynamics will likely be more positive than long-

term dynamics.  This result is generalizable to other perennial plant reintroductions that 

are established with large outplanted individuals. Our results also demonstrate that the 

control of targeted environmental stressors and population reintroduction can lead to an 

increase in the short-term population growth rate but may not always be enough to 

establish new populations that will persist over time. 

Previous studies have demonstrated that perturbations of earlier life stages are 

often more important in the transient phase than in the asymptotic phase (Fox and 

Gurevitch 2000, McMahon and Metcalf 2008, Haridas and Gerber 2010, Miller and 

Tenhumberg 2010, Bialic‐Murphy et al. 2017). It has also been shown that 

anthropogenic stressors can have a greater negative effect on the short-term population 

growth rate under more optimal abiotic conditions than less optimal abiotic conditions 

(Gaoue 2016). Consistent with previous studies, we found that the short and long-term 

population growth rates and the elasticity patterns for D. waianaeensis diverge and varied 

based on the probability of years with high recruitment. We also found that in order for 
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D. waianaeensis to persist over time would require doubling the probability of a high 

recruitment year from 17% (i.e., the observed field conditions) to 50% (Figure 1b). 

Additionally, we found that perturbation of the survival of reproductively mature D. 

waianaeensis was projected to have the greatest relative influence on the stochastic 

population growth rate (Figure 2b). Similarly, changes in the survival of mature plants 

were projected to have the greatest relative influence on the transient population growth 

for scenarios F1– F2. However, when the probability of high recruitment years was ≥ 

50% (i.e., scenarios F3– F6), perturbation of seedling recruitment, not mature plant 

survival, was projected to have the greatest influence on the transient population growth 

rate. These results are consistent with previous research, which illustrate that key vital 

rates, including survival and fertility, that contribute to asymptotic population growth 

also have a strong influence on transient dynamics (Stott et al. 2010). Thus, populations 

that grow faster in the long-term asymptotic phase are more likely to experience greater 

magnitudes of transient amplification (Stott et al. 2010). Combined, our results and 

previous studies illustrate that the relative importance of vital rates on the near term 

population growth rate is dependent, in part, on the level of habitat disturbance and 

variability of key life processes. 

Environmental stochasticity can increase the risk of extinction (Tuljapurkar et al. 

2003) and cause the short and long-term population to diverge (Stott et al. 2010). For D. 

waianaeensis, we found that seedling recruitment was temporally variable, with high 

seedling recruitment in 2009–2010 and low recruitment from 2010–2015 (ranging from 

0.02–0.57) (Bialic-Murphy, Gaoue & Knight 2017). Considering the many sources of 

environmental stochasticity (e.g., changing abiotic conditions, boom-and-bust cycles of 
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seedling herbivores), this variability in seedling recruitment was not surprising. However, 

our results emphasize the need to understand the mechanisms responsible for this 

variability in seedling recruitment, as this vital rate has a strong influence on the likely 

outcome of restoration efforts. As mentioned previously, we found that an increase in the 

probability of a high recruitment year from 17% to 50% would be required for the 

population to persist over time (Figure 1b). However, it should be noted that we did not 

account for potential autocorrelation of stochastic processes, which can strongly 

influence the dynamics of structured populations (Tuljapurkar and Haridas 2006, Gaoue 

et al. 2011) and should be a focus of future research. 

Implementing conservation recommendations stemming from stochastic 

perturbation analysis can be challenging (Ehrlén and Groenendael 1998, Mills et al. 

1999). Though perspective elasticity analysis is often used to indicate which demographic 

processes needs to be modified by management to maintain endangered species that will 

persist over time, these recommendations may not be feasible in a naturally variable 

environment and conservation biologists must adapt their strategy (Ehrlén and 

Groenendael 1998, Mills et al. 1999). In this study, we found that for scenarios that were 

projected to persist over time (scenarios F3– F6), management efforts aimed at 

increasing seedling recruitment were the most beneficial to the population when they 

occur early in the reintroduction process (i.e., while the population is experiencing 

transient dynamics) (Figure 2a). Conversely, for scenarios that were projected to decline 

over time (scenarios F1– F2), maintain high survival of mature plants in the transient 

phase was projected to be more important (Figure 2a). However, with relatively high D. 

waianaeensis mature plant survival there is little that can be done by management to 
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improve this vital rate. Conversely, there are several potential management options to 

increase seedling recruitment, including suppression of invasive frugivores and 

herbivores.  

Two of the primary invasive species that negatively influence recruitment of 

oceanic island species are black ship rat (Rattus rattus) and leopard slug (Limax 

maximus) (Joe and Daehler 2007, Shiels et al. 2014). Over the 2015 fruiting season, we 

found that black ship rats consumed 85% of D. waianaeensis mature fruits at the study 

site (Lalasia Bialic-Murphy, unpublished data). Furthermore, the leopard slug is a known 

non-native seedling herbivore in Hawai‘i and has been documented at the study site (Joe 

and Daehler 2007, Kawelo et al. 2012). In Hawaii natural areas, the density of black ship 

rats (Shiels 2010) and leopard slugs (Stephanie Joe, personal communication) fluctuate 

from year-to-year. Thus, it is likely that the variable intensity of frugivory by black ship 

rats and seedling herbivory by leopard slugs are underpinning mechanisms driving 

temporal fluctuations in seedling recruitment. Considering the observed boom-and-bust 

cycles of black ship rats and leopard slugs, it is also likely that the probability of years 

with high D. waianaeensis recruitment would likely increase if conservation biologists 

prioritize the suppression of top-down stressors in years with high frugivory and 

herbivory pressure. Previous studies suggest that management actions that reduce boom-

and-bust cycles of environmental stressors, such as non-native pests, can reduce the risk 

of extinction (Tuljapurkar et al. 2003)  However, to fully understand the effects of black 

ship rats and leopard slugs on targeted vital rates and plant dynamics further investigation 

is needed. 
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This research has several applied restoration implications. First, our results 

illustrate that when later life stages are used to establish plant reintroductions, the 

population will grow faster in the transient phase than in the asymptotic phase as the 

stage structure reaches equilibrium (i.e., transient amplification) (Stott et al. 2011). 

Secondly, the effect of management action (e.g., increasing the survival of seedling or 

mature individuals) on the population growth rate depends on the timescale of interest 

and is context specific. Globally, this study illustrates that the removal of the most 

ubiquitous top-down stressors (e.g., non-native pigs) and population augmentation will 

not always be enough for species in degraded ecosystems to persist over time (i.e., long-

term stochastic growth rate λ > 1). For these species, the suppression of other top down 

stressors needs to be considered. Furthermore, the results of this research emphasize how 

critical it is to evaluate both the near-term transient and long-term dynamics of 

endangered species in order to fully understand the likely outcome of species 

reintroduction efforts and develop effective restoration strategies.  

 

Data Availability 

Matrices used to simulate the transient and asymptotic population dynamics of each 

scenario 1-6 are deposited in Dryad. 
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Figure Legend 

Figure 1: Stochastic (a) transient and (b) asymptotic growth rates with 95% confidence 

intervals, calculated from 1000 bootstrap samples. For scenario F1 (i.e., field conditions), 

the probability of high recruitment years was 17% (i.e., once every six years). For 

scenarios F2–F6, the probability of high recruitment increased by 17% for each 

consecutive simulation.  

 

Figure 2: Stochastic (a) transient  𝑒! and (b) asymptotic elasticity 𝐸! to the mean and 

variance. Seedling (S); small immature > 40cm (SI); large immature, >40cm (LI); and 

mature signs of reproduction (M). For scenario F1 (i.e., field conditions), the probability 

of high recruitment years was 17% (i.e., once every six years). For scenarios F2– F6, the 

probability of high recruitment increased by 17% for each consecutive simulation.  

 

 

 

 

 

 

 

 

 

 

 

Appendix ES-6



 25 

  
 

Figure 1 
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Figure 2 
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